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Neonicotinoids are considered a superior insecticide for agricultural pest management, although their impacts
on non-target insects is a rising concern. Aside from laboratory and mesocosm studies, limited research has been
directed towards the role neonicotinoids may have in structuring aquatic invertebrate communities in ﬁeld
settings. Therefore, we simultaneously collected aquatic invertebrate and surface water samples from 26 wetlands within a highly modiﬁed agricultural landscape of Nebraska’s Rainwater Basin during spring 2015. Water
samples were tested for six diﬀerent neonicotinoids, nutrients, and physical properties. Trace levels of clothianidin and imidacloprid were the only neonicotinoids detected, occurring in 85% and 15%, respectively, of
wetlands sampled. All measurements for clothianidin and imidacloprid were below chronic toxicity benchmarks
set by the United States Environmental Protection Agency. Neonicotinoid concentrations were signiﬁcantly
lower (W26, 0.05 = 42.5) at wetlands with vegetative buﬀer strips > 50 m wide compared to wetlands with
vegetative buﬀers strips < 50 m. Although neonicotinoids were below benchmark concentrations proposed by
government regulations, a signiﬁcant negative association between neonicotinoid concentrations and aquatic
invertebrate biomass was observed across all wetlands studied (Parameter Estimate = -0.031; SE = 0.014).

1. Introduction

sedimentation exhibited by aquatic invertebrate communityis means
that they also serve as excellent bioindicators for assessing wetland
ecosystem health (Cairns and Pratt, 1993; Spieles and Mitsch, 2000;
Riens et al., 2013).
Synthetic insecticides are components of agricultural runoﬀ from
cropped ﬁelds and have been repeatedly shown to negatively impact
aquatic invertebrate communities in numerous mesocosm and semiﬁeld studies (Cuﬀney et al., 2000; Miles et al., 2017; Pereira et al.,
2017). Neonicotinoids are currently among the most widely used class
of synthetic insecticides and are projected to increase in agricultural
application during the coming years (Sparks, 2013; USGS National
Synthesis Project, 2017). Rapid increase in neonicotinoid use has been
attributed to versatility of application and relatively low risk to nontarget vertebrate organisms such as mammals, birds, and ﬁsh (Jeschke
et al., 2010). The intended targets for most neonicotinoid applications
include aphids and other agricultural pest insects; however, concerns
have developed that neonicotinoids also aﬀect non-target invertebrate

Persistence of healthy and sustainable aquatic invertebrate communities depends in large part on the abiotic and biotic characteristics
of aquatic systems, especially in wetlands (Cairns and Pratt, 1993;
Davis and Bidwell, 2008; Riens et al., 2013). Although aquatic invertebrates are not generally a major focus of wetland management
practices, they provide an essential link for energy ﬂow between primary producers and most vertebrate wetland-dependent taxa, including
ﬁsh, amphibians, and waterbirds (Covich et al., 1999; Boix and Batzer,
2016). In addition to channeling energy into higher trophic levels,
benthic invertebrates provide essential ecosystem functions by accelerating decomposition rates for organic detrital matter (Covich et al.,
1999). These ecosystem processes redistribute bound nutrients within
the water column, facilitating absorption by bacteria, fungi, algae, and
aquatic angiosperms (Wallace and Webster, 1996; Covich et al., 1999;
Kalﬀ, 2002). The broad range of sensitivity to contaminants and
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accumulate between inundation events (Belden et al., 2012). Accumulation of neonicotinoids in RWB wetlands is potentially a matter of
environmental concern given the chemicals half-lives range from 200
to > 1000 days in soil, and as many as 420 days in water (Rexrode
et al., 2003; Goulson, 2013; Morrissey et al., 2015).
Runoﬀ and overﬂow from agricultural ﬁelds within a watershed
drains into some playas directly (point source) via drainage ditches and
culverts, whereas other wetlands receive nonpoint source runoﬀ after it
has been ﬁltered through buﬀers of native-herbaceous vegetation
(Anderson et al., 2013; Rainwater Basin Joint Venture, 2013). Riens
et al. (2013) reported that vegetative wetland buﬀers could intercept
sediments bound with nitrogen, phosphorous, and atrazine, thereby
improving water quality within a wetland. The Canadian providence of
Prince Edward Island passed legislation in 2000 that required wetlands
contiguous to agricultural ﬁelds be buﬀered with 10 m to 30 m vegetation strips (Environmental Protection Act, 2005). Dunn et al. (2011)
assessed the eﬀectiveness of the Prince Edward Island initiative and
found that 10 m and 30 m buﬀers removed 52% and 78% of the pesticides analyzed, respectively; however, neonicotinoids were not evaluated. Currently, limited information is available on the potential of
vegetative buﬀers for mitigating neonicotinoid concentrations in wetlands (Main et al., 2017).
Although numerous studies have identiﬁed the impacts of neonicotinoids on aquatic invertebrates in controlled laboratory and mesocosm studies (Song et al., 1997; Beketov and Liess, 2008; Beketov et al.,
2008; Miles et al., 2017), few studies have evaluated the relationship
between neonicotinoids and invertebrate communities under ﬁeld
conditions (Anderson et al., 2015; Cavallaro et al., 2019). Therefore,
the primary objectives of this study were to: (1) quantify aquatic concentrations of neonicotinoid insecticides at playa wetlands in the RWB,
(2) compare neonicotinoid concentrations in wetlands with and without
vegetative buﬀers, and (3) determine the association of neonicotinoid
concentrations, as well as other environmental variables, with aquatic
invertebrate communities.

taxa, and wildlife dependent on these invertebrate taxa as a food source
(Hallmann et al., 2014; Sánchez-Bayo et al., 2016; Main et al., 2018). In
recent years, neonicotinoids have been detected in surface waters adjacent to agricultural areas, in some studies at or above concentrations
of acute and chronic exposure thresholds for many common aquatic
invertebrate species (Van Dijk et al., 2013; Hladik et al., 2014; Main
et al., 2014; Morrissey et al., 2015; Evelsizer and Skopec, 2018;
Cavallaro et al., 2019).
In response to elevated concentrations observed during ﬁeld surveys, laboratory and mesocosm studies have assessed potential threats
to a magnitude of aquatic invertebrate taxa (reviewed in Anderson et al.,
2015; Sánchez-Bayo et al., 2016). Collectively, laboratory and mesocosm studies indicate a wide-range of acute, chronic, and sub-lethal
toxicity endpoints for a variety of taxa (reviewed in Morrissey et al.,
2015; Cavallaro et al., 2017). Indeed, recent mesocosm studies has been
critical for developing guidelines for registration of systemic insecticides and aquatic benchmark criteria (EPA, 2019). In addition,
several studies have evaluated associations between aquatic community
responses and exposure to neonicotinoids (Goulson, 2013; Morrissey
et al., 2015; Smit et al., 2015); however, much of the evidence has come
from mesocosm studies, thus a simultaneous assessment of aquatic invertebrate communities and neonicotinoid concentrations in a ﬁeld
setting was needed (Main et al., 2018). Such a study could simultaneously monitor aquatic invertebrate communities, neonicotinoid
concentrations, and other relevant environmental attributes (Evelsizer
and Skopec, 2018). Given the highly sporadic and unpredictable nature
of aquatic invertebrate communities, developing meaningful toxicity
endpoints from ﬁeld studies may be unrealistic. Rather, ﬁeld studies
could provide an opportunity to compare aquatic invertebrate community structure with suggested aquatic threshold criteria.
Approximately 75% of the historic land cover in Nebraska’s
Rainwater Basin (RWB) has been converted to agricultural land use,
including corn (Zea mays), soybean (Glycine max), and other agricultural management regimes, which corresponds to at a minimum,
75% of the wetlands in the region considered to be impacted by agricultural runoﬀ (Fig. 1; USGS National Synthesis Project 2017). Wetlands in the RWB are classiﬁed as playas, which are ephemeral, closed
basin systems whose hydrology is primarily driven by precipitation and
surface runoﬀ (Smith, 2003). Most playas do not receive ground water
inﬂow; therefore, the chemical, physical, and biological integrity of
playas is inﬂuenced predominately by surrounding land use (Belden
et al., 2012). Consequently, water-soluble contaminants and sediments
transported into playas are more likely to persist as water subsides and

2. Materials and methods
2.1. Study area and experimental design
Nebraska’s RWB spans across 21 counties in south-central Nebraska,
located south of the Platte River (Fig. 1). Playas in the RWB are characterized as small depressional wetlands, lined with a relatively impermeable clay layer positioned at the low spot of a closed basin

Fig. 1. Nebraska’s Rainwater Basin is located in South Central Nebraska, USA. Approximately 75% of land cover in Nebraska’s Rainwater Basin has been converted
from mixed prairie grassland to agricultural production. Accordingly, 75% of the region’s wetlands receive contaminated runoﬀ from upland crop ﬁelds.
2
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random locations within the inundated portion of the wetland. Samples
were stored in containers 1-liter amber glass bottles furnished by the
contracted laboratory, preserved on ice ( < 4° C), and submitted/accepted under chain of custody documentation within 96 h of being
collected. Neonicotinoids evaluated in this study were those commonly
used for crop production in the RWB, which included acetamiprid,
clothianidin, dinotefuran, imidacloprid, thiacloprid, and thiamethoxam
(USGS National Synthesis Project, 2017). Neonicotinoid concentrations
were quantiﬁed at the Water Science Laboratory at the University of
Nebraska-Lincoln using solid phase extraction and liquid chromatography-tandem mass spectrometry (Satkowski et al., 2018; see detail
methods in Supplementary Tables S2-S4). QA/QC included laboratory
reagent and fortiﬁed blanks, as well as ﬁeld duplicate samples for each
sampling period. Concentration-based limit of quantitation (LOQ) were
0.002 μg L−1 for the six neonicotinoids analyzed. For the purposes of
this study, measurements that did not exceed the LOQ were treated as
0.000 μg L−1. Composite chlorophyll_ a, total nitrogen, and total
phosphorous samples were collected from four random locations at
each wetland, stored in preserved and unpreserved bottles furnished by
the contracted laboratory, stored on ice (> 4° C), and submitted/accepted under chain of custody documentation. Chlorophyll_ a, total
nitrogen, and total phosphorous were analyzed by the Limnology Laboratory at the University of Missouri-Columbia (Sartory and
Grobbelaar, 1984; Crumpton et al., 1992; Eaton et al., 1995). Additional water quality parameters that have been shown to inﬂuence
aquatic invertebrate communities included in this study were conductivity, pH, turbidity, total dissolved solids (Bilotta and Brazier,
2008; Riens et al., 2013; Cavallaro et al., 2019). Those parameters were
measured at study wetlands bi-monthly using a handheld YSI multiparameter system following the manufacturer’s speciﬁcations for deployment and calibrations. Emergent vegetative cover has previously
been associated with wetland aquatic invertebrate community structure, thus integrated into this study (Murkin et al., 1982; De Szalay and
Resh, 2000; Davis and Bidwell, 2008). Vegetation was measured as the
percentage of vegetative cover within a square meter quadrat adjacent
to invertebrate sample location and was assessed bi-monthly.

watershed (Smith, 2003). Most RWB playas are seasonally or ephemerally inundated, with historic hydrologic processes driven by surface
runoﬀ following intense precipitation and accumulated snowmelt
(Bolen et al., 1989; Smith, 2003; LaGrange, 2005). Historically the RWB
contained > 11,000 playas and approximately 80,000 ha of wetlands
(McMurtrey et al., 1972). However, drainage ditches, concentration
pits, sedimentation, and agricultural expansion within the region resulted in a 90% reduction in overall wetland area in the region (Raines,
1990; LaGrange, 2005). Nevertheless, playas in the RWB provide habitat to wetland-dependent invertebrates, amphibians, and waterbirds,
and deliver water quality services in the form of ﬂood storage, nutrient
retention, and sediment trapping (Smith, 2003; LaGrange, 2005; Webb
et al., 2010).
This study was part of a comprehensive project that assessed habitat
selection of waterfowl during spring migration in the RWB. The RWB
serves as a critical staging area to ∼7 million dabbling ducks, including
50% of North America’s mid-continent mallard (Anas platyrhynchos)
population, and 30% of North America’s total Northern pintail (A.
acuta) population (Rainwater Basin Joint Venture 2013). During spring,
waterfowl depend on aquatic invertebrates as a food resource to accumulate the energy and protein needed to complete migration and
initiate egg production (Devries, 2008; Tidwell et al., 2013). If demands
for quality food resources are not met, waterfowl may arrive at
breeding grounds in poorer body condition, and consequently be less
likely to achieve reproductive success (Devries, 2008). Given the importance of aquatic invertebrate acquisition at mid-latitude stopover
sites and subsequent eﬀects on recruitment, the primary objective of the
overall project was to improve understanding of factors inﬂuencing
waterfowl food resource availability in wetlands and the relationship to
habitat use by spring-migrating waterfowl.
The timeframe of our study was selected to coincide with the timing
of spring waterfowl migration in the RWB. During 2015, waterfowl
arrived to the RWB during the ﬁrst week of March, with peak migration
occurring during the ﬁrst week of April, and migration concluding in
late April. Consequently, neonicotinoid concentrations reﬂect preplanting conditions. Regardless, this study was primarily interested in
habitat factors that inﬂuenced aquatic invertebrate communities during
spring waterfowl migration. We assessed habitat conditions at public
wetlands, private wetlands enrolled in the Wetlands Reserve Program
(WRP) that have had some level of restoration, and private wetlands
managed for agriculture (row crop and grazing).

2.4. Measured landscape variables
Proximity to nearest wetland may inﬂuence aquatic invertebrate
species diversity and recolonization potential at ephemeral wetlands
following natural drought cycles (Euliss et al., 1999; Delettre and
Morvin, 2000; Gledhill et al., 2008). In addition to emergence from
local cysts and eggs, invertebrates also repopulate ephemeral systems
from external sources by wind, in the digestive tracts of birds, and by
adhering to larger vertebrate and invertebrate fauna (Proctor, 1964;
Pennak, 1989; Euliss and Mushet, 1999). To account for this potential
association, we established three explanatory variables describing
landscape conﬁguration: (1) number of inundated wetlands > 1 ha
area within 2.5 km of a study site, (2) total inundated wetland area
within 2.5 km of a study site, and (3) distance from study wetland
perimeter to the nearest cropped ﬁeld. We used sets of aerial imagery
from multiple dates to deﬁne and measure change of wetland inundation for the surrounding landscape during the entirety of our study. We
downloaded Landsat 8 Operational Land Imager and Thermal Infrared
Sensor data sets from www.earthexplorere.usgs.gov using the U.S.
Geological Survey Bulk Download Application. We downloaded imagery from the Landsat World Reference System during dates from
February 24 – April 13 (Schepker, 2017). Images were visually inspected and considered unusable when atmospheric disturbance occurred (Hansen and Loveland, 2012). Supplemental imagery was obtained from multispectral orthophotography collected by aircraft
during the week of March 8, 2015 (Rainwater Basin Joint Venture
annual spring habitat survey). For weeks when no imagery was available, wetland area was extrapolated using the mean rate of change from
the prior two weeks. Satellite and multispectral orthophotography were

2.2. Study site selection
During spring 2015, we stratiﬁed potential study sites in the RWB
by county, identiﬁed the six counties containing the greatest number of
inundated wetlands (with inundated area > 1 ha), and randomly selected individual wetlands within those counties (Tapp and Webb,
2015; Schepker et al., 2019). We selected 12 public and 14 private
wetlands throughout Phelps, Clay, Fillmore, York, Seward, and Hamilton counties. Precipitation preceding and during spring 2015 was
minimal, and consequently, inundated wetlands were relatively scarce
(National Oceanic and Atmospheric Administration, 2017; Supplementary Table S1). Four of the selected private sites became dry
halfway through the study and were excluded from the aquatic invertebrate component of our analysis. We obtained information from
land managers on management activities that occurred on study sites
during the previous three years. Speciﬁc management techniques included grazing, mowing/disking, prescribed burning, and undisturbed.
2.3. Measured local variables
We collected 48 composite water samples during March (n = 26)
and April (n = 22) from our 26 study sites prior to spring planting. We
obtained a composite neonicotinoid sample from each wetland by collecting a ∼250 ml grab sample from below the water surface at four
3
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periods. Neonicotinoid toxicity benchmarks for aquatic invertebrates
used for comparison were derived from the United States
Environmental Protection Agency’s Aquatic Life Benchmarks for
Freshwater Species (EPA, 2019). We conducted a one-sample t-test for
each neonicotinoid benchmark to determine if concentrations measured
at wetlands exceeded chronic threshold concentrations recommended
for aquatic life. Given the time of year water samples were collected
(approximately 30–60 days prior to spring planting), aquatic neonicotinoid concentrations observed in this study likely represented chronic
conditions, thus acute benchmark concentrations were not evaluated.

processed in ArcMap 10.3 (ESRI, 2015) using ModelBuilder to develop,
edit, and manage model workﬂow. Methods for processing imagery in
ArcMap 10.3 and validation techniques from this study were described
in greater detail in Schepker (2017).
2.5. Invertebrate collection and processing
We assessed benthic and nektonic aquatic invertebrate communities
in alternating weeks from 22 February through 18 April 2015. At each
wetland, we established 3–5 (dependent on wetland area) randomly
located 3 m × 3 m sample plots at water depths < 30 cm and where
vegetative cover was < 50% (Schepker et al., 2019). Within each plot,
we collected two nektonic samples using a 500 μm rectangular sweep
net (Tapp and Webb, 2015). The net was lowered vertically into the
water column, pressed ﬁrmly against the substrate, and moved through
the water column for a distance of 1.1 m (0.5 m2; Klemm et al., 1990;
Davis and Bidwell, 2008). A total of four passes were made with the
sweep net. We also collected two benthic invertebrate samples using a
10 cm diameter ×5 cm deep benthic core sampler in an undisturbed
area adjacent to the corresponding nektonic sampling location
(Swanson, 1983). Benthic and nektonic invertebrate samples were
preserved in 70% ethanol to prevent deterioration (Murkin and Kadlec,
1986) and transported to the University of Missouri for processing.
Invertebrate samples were stained with rose bengal for 24 h prior to
processing to enhance eﬃciency of sorting and identiﬁcation (Sherfy
et al., 2000). We rinsed invertebrate samples through a series of two
graduated sieves (#50 [500 μm] and #10[250 μm]) to remove small
clay particles and partition remaining materials into coarse and ﬁne
samples (Schepker et al., 2019). We used a Folsom wheel sample
splitter (Aquatic Research Instruments) to subsample (1/4 volumes)
material retained by the 250 μm and 500 μm sieves (Whiting et al.,
2011). Aquatic invertebrates were removed from remaining debris,
adults and larvae were identiﬁed to the lowest taxonomic level practical, measured to the nearest millimeter, and catalogued (Schepker
et al., 2019). Biomass estimates for individual taxa were obtained using
regressions of dry length-mass (Duﬀy and LaBar, 1994; Benke et al.,
1999; Schepker et al., 2019). When a length-mass regression was not
available for speciﬁc taxa or species, we used estimates from taxonomically-similar species observed in comparable habitats (Benke and
Huryn, 2006). Biomass estimates were pooled and averaged for all taxa
collected at a wetland for each sampling event and converted to biomass density estimates (g dry mass m−2). Secondary production was
then calculated using the Production: Biomass (P:B) method for each
taxonomic group (Equation 1; Benke, 1984; Duﬀy and LaBar, 1994)
from published P:B values (Waters, 1977; Duﬀy and LaBar, 1994;
Stagliano and Whiles, 2002; Benke and Huryn, 2006; Whiting et al.,
2011; Butkas, 2011).

Secondary Production2 = biomass 2 ×

Production1
biomass1

2.6.2. Neonicotinoid concentrations in buﬀered vs non-buﬀered wetlands
We used multispectral orthophotography imagery collected by aircraft during the week of March 8, 2015 to identify buﬀered and nonbuﬀered wetlands. We deﬁned a wetland as buﬀered when the entire
perimeter was surrounded by > 50 m of vegetation other than row
crops. We classiﬁed a wetland as non-buﬀered when < 50 m of vegetation other than row crops was present between the wetted edge of a
wetland and a cropped ﬁeld. A minimum 50 m vegetative buﬀer width
was identiﬁed as maximizing contaminant removal from runoﬀ entering playa watersheds (Johnson, 2011) and was thus established as a
goal by the Rainwater Basin Joint Venture (2013) for wetland restoration and enhancement projects. We also classiﬁed sites with predominant drainage features leading from a cropped ﬁelds into a wetland as non-buﬀered (Riens et al., 2013). Total neonicotinoid
concentrations in buﬀered and non-buﬀered wetlands did not follow
normal distributions, and sample size was small, thus a Wilcoxon rank
sum test with continuity correction was conducted to compare total
neonicotinoid concentrations at buﬀered and non-buﬀered wetlands
(Quinn et al., 2002).
2.6.3. Associations between neonicotinoids and aquatic invertebrate
community structure
We developed a set of a priori candidate models to explain nektonic
and benthic invertebrate diversity, biomass (g m−2), and invertebrate
community production based on ecologically reasonable scenarios
(Tables 1 & 2 ; Gleason et al., 2003; Riens et al., 2013; Van Dijk et al.,
2013). We used an information theoretic approach to evaluate a priori
models for explaining local and landscape response variables (Burnham
and Anderson, 2002) using linear mixed model procedures, Akaike’s
Information Criterion (AICc) values, and model weights (AICmodavg;
Mazerolle, 2016). Biomass and secondary production did not exhibit
normal distributions, and were normalized with a Yeo-Johnson Power
Transformation (Yeo and Johnson, 2000). To prevent heteroscedasticity
in ﬁtted residuals, we scaled and centered all independent variables on
zero (Gelman, 2008). Pearson’s r-correlation indices were used to test
for multicollinearity between independent variables in candidate
models (Dormann et al., 2013). When evaluating response variables for
nektonic communities, we included water depth in all a priori models,
given the strong relationship water depth had with all response variables for this study. We analyzed a priori models for nektonic and
benthic communities separately because of diﬀerences in sampling
device and predicted community structure (Tapp and Webb, 2015). For
each response variable, we ﬁt models using maximum likelihood estimations, and calculated output statistics including second order AICc
values and AICmodavg (Mazerolle, 2016). All models within two ΔAICc
values of the most parsimonious model were considered competitive
and included in our set of competing models (Richards, 2005). For each
competing model, we performed a Shapiro-Wilk test on the distribution
of ﬁtted residuals for normality, and discarded models when the resulting p-value was < 0.05. We used a coeﬃcient of determination (R2)
adjusted for the number of predictors to measure the goodness of ﬁt for
each model selected. Models with an adjusted R2 < 0.10 were removed,
as those models did not explain a meaningful percentage of variability
for response variables (Stephens et al., 2005). Finally, we calculated the
natural average for each parameter estimate observed in the remaining

(1)

where:
Production1 is the annual production value from a previous study.
Biomass1 is the total biomass from a previous study.
Biomass2 is the biomass from the current study.
Lastly, we used the Shannon Diversity Index to account for the
abundance and evenness of invertebrates present at each wetland
(Clarke and Warwick, 2001). Calculations for Shannon’s Diversity Index
were performed in R Studio using the VEGAN package (Oksanen et al.,
2017).
2.6. Statistical analysis
2.6.1. Quantitative evaluation of neonicotinoid concentrations and toxicity
benchmarks
We used a paired t-test to identify diﬀerences in total neonicotinoid
concentrations for the 22 wetlands inundated during both sampling
4
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Table 1
Designations, descriptions, and methods used to collect local and landscape habitat data for assessing aquatic invertebrate communities in the Rainwater Basin,
spring 2015.
Variable

Description

Methods

Veg
Depth
Neonic
NeonicMax
TN
TP
Turb
pH
Cond
TDS
2kmDen

% emergent vegetation
Mean water depth
Neonicotinoids
Neonicotinoids Max
Nitrogen
Phosphorus
Turbidity
pH
Conductivity
Total Dissolved Solids
2.5 km wetland complex

2kmUnits

2.5 km wetland complex

DistRC

Distance to Cropped Field

Percentage of wetland area where emergent vegetation occurred opposed to open water.
Water depth (cm) was measured bi-monthly by recording depths at 12-16 random locations and averaged for the wetland.
Neonicotinoid (μg L −1) was measured and averaged from monthly composite grab samples.
Maximum neonicotinoid concentration observed between the two sample periods.
Total Nitrogen (mg L−1) was measured and averaged from monthly composite grab samples.
Total Phosphorus (mg L−1) was measured and averaged from monthly composite grab samples.
Turbidity (NTU) was measured and averaged from monthly composite grab samples.
pH was measured bi-monthly at 12-16 locations in each wetland and averaged.
Conductivity (μS cm−1) was measured bi-monthly at 12-16 locations in each wetland and averaged.
Total dissolved solids (mg L−1) were measured bi-monthly at 12-16 locations in each wetland and averaged.
Inundated wetland density within a 2.5 km radius of a study site. Wetland density was assessed every ∼16 days using satellite and
aerial imagery.
Number of inundated wetlands > 1 ha in area within a 2.5 km radius of a study site. Wetland density was assessed every ∼16 days
using satellite and aerial imagery.
Distance (meters) from perimeter of wetland to the nearest cropped ﬁeld.

wetlands. Acetamiprid, dinotefuran, thiacloprid, and thiamethoxam
were not detected. Combining observations from both sampling periods
(n = 48), mean clothianidin concentration ( x̄ = 0.005 μg L−1) and
imidacloprid concentration ( x̄ = 0.001 μg L−1) were a factor of 10
below US EPA benchmarks (0.050 μg L −1 and 0.010 μg L −1, respectively).

Table 2
: a priori candidate models used to explain variation in benthic and nektonic
invertebrate communities at wetlands in Nebraska’s Rainwater Basin, spring
2015.
Level

Model

Local_Non Neonic Models

1
1
1
1
1
1
1
1

+
+
+
+
+
+
+
+

Depth + Chlorophyll a
Depth + Phosphorus
Depth + Nitrogen
Depth + Turbidity
Depth + Total Dissolved Solids
Depth + Conductivity
Depth + pH
Depth + Vegetative Cover

Local_Neonic Models

1
1
1
1
1
1
1
1
1
1

+
+
+
+
+
+
+
+
+
+

Depth + Neonic
Depth + Neonic Maximum Observed
Depth + Neonic + Chlorophyll a
Depth + Neonic + Phosphorus
Depth + Neonic + Nitrogen
Depth + Neonic + Turbidity
Depth + Neonic + Total Dissolved Solids
Depth + Neonic + Conductivity
Depth + Neonic + pH
Depth + Neonic + Vegetative Cover

Landscape_Non Neonic Models

1 + Depth + 2kmDensity
1 + Depth + 2kmUnits
1 + Depth + Cropped Distance

Landscape_Neonic Models

1 + Depth + Neonic + 2kmDensity
1 + Depth + Neonic + 2kmUnits
1 + Depth + Neonic + Cropped Distance

3.2. Neonicotinoid concentrations in buﬀered vs non-buﬀered wetlands
Total neonicotinoid concentration averaged for March and April
sampling periods at wetlands buﬀered by > 50 m of herbaceous vegetation (n = 12) was x̄ = 0.004 μg L−1 (median = 0.004 μg L−1) and
ranged from below LOQ to 0.008 μg L−1 (Table 3). Mean concentration
measured in samples collected from wetlands buﬀered by < 50 m of
herbaceous
vegetation
(n = 14)
was
x̄ = 0.007 μg L−1
(median = 0.006 μgL−1) and ranged from below LOQ to 0.016 μg L−1.
Total aquatic neonicotinoid concentrations were statistically greater in
wetlands surrounded by < 50 m of herbaceous vegetation (W26, 0.05 =
42.5; Fig. 2).
3.3. Associations between neonicotinoid concentrations and invertebrate
communities
Copepoda, Diptera, and Odonata were the most common Orders
observed in nektonic samples, accounting for 62% of the total measured
biomass (Supplementary Table S7). Nektonic invertebrate diversity
index ranged from 0.68 to 1.87 (mean = 1.41, SE = 0.07) at 22 wetlands sampled during spring 2015 (Table 3). Explanatory variables in
the best-ﬁt model for explaining nektonic diversity included water
depth (+) and pH (-), which accounted for 35% of total AICc weight
(Table 4). Both explanatory variables observed in the model were signiﬁcant (p > 0.05). Subclass Hirudinea, and Orders Diptera and Haplotaxida were the most common benthic aquatic invertebrates, accounting for 76% of the total measured biomass (Supplementary Table
S7). Benthic diversity index ranged from 0.25 to 1.19 (mean = 0.81,
SE = 0.05), which was signiﬁcantly less than in nektonic communities
(t21, 0.05 = 7.06). We identiﬁed one model within ΔAICc = 2 that accounted for 41% of the total AICc weight (Table 4). Chlorophyll α (+)
was the only explanatory variable observed in the most likely model
and had a signiﬁcant association with benthic invertebrate diversity
(p > 0.05).
Nektonic biomass ranged from 0.18 – 2.04 g m−2 (mean = 0.64,
SE = 0.09) at 22 wetlands sampled during the spring of 2015. We
identiﬁed three competing models explaining nektonic biomass, which
accounted for 39% of the total AICc weight (Table 4). Explanatory
variables included in the most likely model were water depth (+), and

*Depth was only considered when analyzing nektonic communities.

set of competing candidate models to estimate relative inﬂuence on
invertebrate communities (Burnham and Anderson, 2002; Mazerolle,
2016). We used model-averaged parameter estimates and associated
95% conﬁdence intervals to guide hypothesis testing.
3. Results
3.1. Quantitative evaluation of neonicotinoid concentrations and toxicity
benchmarks
During spring 2015, trace levels of neonicotinoids were detected in
water samples at 77% of wetlands (n = 26) in March, and 73% of
wetlands (n = 22) in April (Supplementary Tables S5 and S6). Total
neonicotinoid concentrations did not diﬀer between March
( x̄ = 0.006 μg L−1) and April ( x̄ = 0.005 μg L−1) (t21,0.05 = -0.68).
Clothianidin was the most frequently detected neonicotinoid, occurring
at 85% of wetlands, while imidacloprid was only detected at 15% of
5
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Table 3
: Summary statistics of water quality measurements at 12 buﬀered and 14 non-buﬀered study wetlands. Buﬀered wetlands were deﬁned as wetlands with > 50 m of
non-agricultural vegetation between inundated area and cropped ﬁeld. Summary statistics were derived from 48 composite water samples collected during March
and April of 2015.
Buﬀered Wetlands (n = 12)

Neonicotinoids
Clothianidin (μg L−1)
Imidacloprid (μg L−1)
Total Neonicotinoid (μg L−1)
Nutrient
Chlorophyll- a (μg L−1)
Total Phosphorus (mg L−1)
Total Nitrogen (mg L−1)
Other Parameters
pH
Conductivity (uS cm−1)
Total Dissolved Solids (mg L−1)
Turbidity (NTU)
Vegetative Cover (%)
Aquatic Invertebrates
Nektonic Diversity
Nektonic Biomass (g m−1)
Nektonic Production (g m−2 yr-1)
Benthic Diversity
Benthic Biomass (g m−1)
Benthic Production (g m−2 yr-1)

Non-Buﬀered Wetlands (n = 14)

Mean

S.E.

Median

Min

Max

Mean

S.E.

Median

Min

Max

0.003
0.001
0.004

0.001
0.000
0.001

0.003
< 0.002*
0.004

< 0.002*
< 0.002*
< 0.002*

0.008
0.003
0.008

0.007
0.001
0.007

0.001
0.000
0.001

0.007
< 0.002*
0.007

< 0.002*
< 0.002*
< 0.002*

0.016
0.005
0.016

150.60
1.40
5.68

29.58
0.38
1.14

125.08
0.92
4.24

47.71
0.34
1.47

356.28
3.49
11.77

236.79
1.23
5.38

64.92
0.16
1.03

179.80
1.04
4.65

30.81
0.66
1.79

803.61
2.43
14.72

7.92
374.08
187.06
1381.62
19.5

0.12
101.27
50.55
484.36
4.4

7.97
254.44
127.67
737.00
18.6

7.38
105.44
51.56
30.10
7.8

8.41
1155.33
577.08
3912.00
53.9

7.77
209.84
104.75
616.90
28.1

0.11
34.28
17.08
292.56
5.9

7.81
167.22
83.65
110.85
23.6

6.97
107.78
53.78
18.00
6.9

8.28
452.92
226.17
3126.00
83.7

1.37
0.60
6.14
0.80
1.00
4.99

0.09
0.10
1.26
0.09
0.37
1.85

1.39
0.5
5.16
0.79
0.58
3.09

0.77
0.18
1.88
0.24
0.19
1.18

1.74
1.10
14.72
1.13
4.11
20.86

1.45
0.67
7.35
0.81
1.09
5.10

0.10
0.14
1.19
0.07
0.18
0.92

1.46
0.59
6.58
0.83
1.14
4.41

0.68
0.28
3.51
0.41
0.13
1.13

1.87
2.01
18.91
1.19
2.07
11.88

* Values below the limit of quantiﬁcation (< 0.002 μg L−1) were replaced with zero for calculation of means.

across all competing models using AICc weights.
Nektonic secondary production (g m−2 year-1) ranged from 1.88 to
18.91 (mean = 6.83, SE = 0.85) at 22 wetlands sampled in spring
2015. We identiﬁed two competing models for explaining nektonic
production, which accounted for 38% of the total AICc weight
(Table 4). Variables included in the most likely model were water depth
(+) and percentage of emergent vegetation (+). Distance to nearest
cropped ﬁeld (-) was observed in the competing model; however, only
water depth was signiﬁcant in explaining production when averaged
over both competing models using AICc weights. Benthic secondary
production (g m−2 year-1) ranged from 1.13 to 20.86 (mean = 5.05,
SE = 0.95), which was not statistically diﬀerent from nektonic production estimates (t21, 0.05 = 1.39). We identiﬁed two competing
models for explaining benthic production, which accounted for 57% of
the total AICc weight. Conductivity (-) was the only explanatory variable observed in the most likely model, whereas total dissolved solids
(-) was present in the only competing model. Conductivity and total
dissolved solids were signiﬁcant when explaining production averaged
over both competing models using AICc weights.

Fig. 2. Total neonicotinoid concentration is the averaged sum of clothianidin
and imidacloprid measured during March and April. Buﬀered wetlands included units surrounded by > 50 m of continuous herbaceous vegetation excluding row crops, while Non-Buﬀered wetlands included units surrounded
by < 50 m of continuous herbaceous vegetation. Neonicotinoid concentrations
among the two treatment types were statistically greater at Non-Buﬀered
wetlands (W26, 0.05 = 42.5).

4. Discussion
4.1. Neonicotinoid concentrations and environmental standards
We detected trace levels of neonicotinoids at 85% of wetlands
sampled in the RWB during spring of 2015, prior to planting of insecticide treated seeds in the surrounding agricultural lands. Previous
studies at playas in the RWB have focused on elemental contaminants,
nutrient inputs, and several classes of agricultural pesticides (Foster,
2010; Belden et al., 2012; Riens et al., 2013); however, the presence
and concentration of neonicotinoid insecticides were previously unknown. We predicted a relatively high detection rate for neonicotinoids
given the intensity of row crop production in the region, although
concentrations were lower than those reported in wetlands prior to
spring planting in other regions (Main et al., 2014; USGS Pesticide
National Synthesis Project, 2017). Concentrations at all 26 study wetlands sampled fell below chronic toxicity benchmarks set by the EPA.
Although imidacloprid has been the most widely studied class of

total nitrogen (-). Percent emergent vegetation (+), chlorophyll α (+),
and total neonicotinoid concentrations (-) were included in competing
models. Water depth and total neonicotinoid concentration were signiﬁcant when explaining nektonic invertebrate biomass averaged
among competitive models using AICc weights. Benthic invertebrate
biomass ranged from 0.13 – 4.11 g m−2 (mean = 1.05, SE = 0.19),
which was signiﬁcantly greater than what was observed in nektonic
communities (t21, 0.05 = 1.98). We identiﬁed three competing models
for explaining benthic biomass, which accounted for 58% of the total
AICc weight. Total dissolved solids (-) was the only explanatory variable in the most likely model, whereas conductivity (-) and pH (-) were
observed in competing models. Total dissolved solids, conductivity, and
pH were signiﬁcant when explaining benthic biomass when averaged
6
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Table 4
: Competing candidate models for predicting annual invertebrate diversity, biomass, and production from linear model regression. Competing models were ranked
using Akaike’s Information Criterion (AICc). Models within 2 AICc (ΔAICc) were considered as competing candidate models. The AICc weight of a model relative to
all candidate models (n = 25) is denoted by ω. Likelihood that an individual model is the best ﬁtted model relative to all candidate models assessed is denoted by ω.
ML is the relative likelihood of the model given the data. The adjusted coeﬃcient of determination (R2 Adj) indicates the proportion of the variance in the response
variable predicted by the explanatory variable(s).
Shannon Wiener's Diversity Index: Competing Candidate Models
Community
Nektonic
Benthic

Model
ShannonN ∼ 1 + Depth* - pH*
ShannonB ∼ 1 + Chl_a*

K
4
3

AICc
1.50
1.99

ΔAICc
0.00
0.00

ω
0.35
0.41

ML
1.00
1.00

R2 Adj
0.54
0.22

Community
Nektonic

Model
Biomass
Biomass
Biomass
Biomass
Biomass
Biomass

K
4
4
5
3
3
3

AICc
−57.49
−57.14
−55.88
−2.41
−2.40
−0.70

ΔAICc
0.00
0.34
1.61
0.00
0.01
1.71

ω
0.17
0.14
0.08
0.24
0.24
0.10

ML
1.00
0.84
0.45
1.00
1.00
0.43

R2 Adj
0.40
0.39
0.42
0.17
0.17
0.11

K
4
4
3
3

AICc
3.27
4.35
9.75
9.84

ΔAICc
0.00
1.08
0.00
0.09

ω
0.24
0.14
0.29
0.28

ML
1.00
0.58
1.00
0.96

R2 Adj
0.36
0.33
0.20
0.20

Invertebrate Biomass: Competing Candidate Models

Benthic

∼
∼
∼
∼
∼
∼

1
1
1
1
1
1

+ Depth* - TN
+ Depth* + Veg
+ Depth* - Neonic* + Chl_a
- TDS*
- Cond*
- pH*

Invertebrate Production: Competing Candidate Models
Community
Nektonic
Benthic

Model
Production
Production
Production
Production

∼
∼
∼
∼

1
1
1
1

+ Depth* + Veg
+ Depth* + DistRC
- Cond*
- TDS*

* Parameter was a signiﬁcant predictor in model (p < 0.05).

vegetative buﬀers. Prior studies have reported equivocal results on the
utility of vegetative buﬀers. Dunn et al. (201 l) reported pesticides
(excluding neonicotinoids) underwent a 52% reduction in concentrations for aqueous and ﬁlter phases in 10 m grass buﬀers at operational
farms in Prince Edward Island. In contrast, Main et al. (2017) found no
relationship between vegetative buﬀer width and neonicotinoid concentrations in prairie wetlands. There are a number of interacting
processes inﬂuencing the utility of vegetative buﬀer strips, and determining eﬀectiveness will require accurate information about a systems physical and chemical properties (Satkowski et al., 2018). In the
RWB, the size of the vegetative buﬀer strip may be inﬂuential in
mediating neonicotinoid concentrations in surface waters.

neonicotinoid (Cavallaro et al., 2017; Miles et al., 2017), its application
in the RWB was minimal relative to clothianidin and thiamethoxam
(USGS Pesticide National Synthesis Project, 2017). Accordingly, we
estimated mean concentrations for imidacloprid and clothianidin as
0.001 μg L −1 and 0.005 μg L −1, respectively. Although thiamethoxam
went undetected at all study sites, it is important to note that formation
of clothianidin occurs as thiamethoxam degrades (Žabar et al., 2012),
thus, a decrease in thiamethoxam could prompt an increase in clothianidin.
We collected water samples during March and April, which was
prior to spring planting; therefore, our results likely represent chronic
exposure conditions for neonicotinoid concentrations in agricultural
wetlands (Schaafsma, 2015; Morrissey et al., 2015). Chronic neonicotinoid concentrations and detection frequencies reported by previous
studies have been somewhat controvertible, and likely inﬂuenced by
precipitation and runoﬀ, upland crop production, and application
period (Anderson et al., 2013; Hladik et al., 2014; Main et al., 2014).
For instance, pre-planting detections by Main et al. (2014) included
trace levels of aqueous neonicotinoid concentrations at 36% of Prairie
Pothole wetlands and a mean concentration of 0.008 μg L−1 during a
dry year, whereas in a wet year detection frequency and mean concentration increased to 91% and 0.052 μg L−1. Neonicotinoids have
greater half-lives in soils than water, thus upland runoﬀ can eﬀectively
recharge concentrations following adequate rainfall (Žabar et al., 2012;
Hladik et al., 2014; Main et al., 2014). Precipitation was minimal in the
RWB immediately prior to and during spring 2015 (Supplementary
Materials: National Oceanic and Atmospheric Administration, 2017);
therefore, concentrations observed in our study were likely reduced
residuals from runoﬀ accumulated during the previous summer and
autumn.

4.2.1. Associations between neonicotinoid concentrations and invertebrate
communities
Acute and chronic toxicity thresholds for neonicotinoids vary
greatly among aquatic invertebrate taxa (Morrissey et al., 2015). The
timing of our study (pre-planting), in conjunction with minimal precipitation preceding spring 2015, likely limited our assessment to focusing on the eﬀects of chronic neonicotinoid exposures. Clothianidin
toxicity values for invertebrate taxa commonly observed in the RWB
ranged from 2.41 μg L−1 for Chironomidae (14 day LC50; Cavallaro
et al., 2017) to > 1.0 × 105 μg L−1 for Daphinidae (7 day LC50; Raby
et al., 2018). The maximum concentration for clothianidin observed in
this study was 0.016 μg L−1. Therefore, it is unlikely that neonicotinoids observed at our study wetlands prior to spring planting were of
suﬃcient concentration to directly inﬂuence aquatic invertebrate
mortality during this time period. However, even at concentrations
below the acute and chronic toxicity threshold, we still observed a
negative association between nektonic invertebrate biomass and total
neonicotinoid concentrations, which may be the results of sub-lethal
eﬀects to aquatic invertebrate communities. Sub-lethal eﬀect concentrations are often reported at a fraction of LC50, and could include
reduced growth, lower reproduction, immobility, reduced feeding, and
delayed emergence of aquatic insect taxa (Morrissey et al., 2015;
Cavallaro et al., 2018).
Secondary production accounts for the rate at which invertebrate
biomass increases through growth, reproduction, and survivorship in
space and time (Waters, 1977; Benke and Huryn, 2006), making it an
excellent metric for assessing sub-lethal eﬀects of contaminants. Accurately calculating secondary production for a species within a system
requires intense sampling of a cohort during their entire life history

4.2. Vegetative buﬀers
Upland herbaceous grasses facilitate trapping and deposition of sediment-absorbed contaminants in runoﬀ by increasing inﬁltration, and
sorbing dissolved phase substances to vegetation and soil surfaces in the
buﬀer strip (Dunn et al., 2011; Satkowski et al., 2018). This relationship
was evident in the RWB, as we observed signiﬁcantly greater neonicotinoid concentrations at wetlands without 50 m vegetative buﬀers.
Imidacloprid concentrations were similar between buﬀered and nonbuﬀered wetlands; however, clothianidin concentrations at non-buffered wetlands were approximately 2-fold greater than wetlands with
7
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isolated wetlands, however the landscape parameters used to assess the
importance of wetland complex were irrelevant in this study. One
possible explanation is the 2.5 km buﬀer used assess wetland habitat in
the surrounding landscape was inappropriate. The general consensus in
the literature contends that passive dispersal is limited by increasing
distance between aquatic habitats (Shurin, 2000; Cáceres and Soluk,
2002). Prior studies have found that wind and aquatic connectivity
during ﬂood events are primary dispersal vectors (Cáceres and Soluk,
2002), although anecdotal evidence also exists that supports dispersal
by amphibian, birds, and terrestrial mammals (Proctor, 1964; Pennak,
1989; Shurin, 2000). Wind dispersal of aquatic invertebrates has been
shown to be most eﬀective when aquatic habitats are separated by less
than 60 m, which is far less than what was assessed in this study
(Cáceres and Soluk, 2002; Vanschoenwinkel et al., 2008). Playa wetlands are positioned in closed basin systems and have no signiﬁcant
nexus to lotic and lentic systems, therefore dispersal by ﬂooding would
be limited to invertebrate communities in upland drainage ditches and
borrow pits. Thus, movement between playa wetlands for non-terrestrial aquatic invertebrates (Anostraca, Cladocera, Dytiscidae) is likely
mediated by larger animals using multiple wetland habitats.

cycle (Benke and Huryn, 2006). Given limitations in time and resources, we used an abbreviated method that relied on published P:B
values developed outside of the RWB to estimate secondary production
(Eq. 1: Waters 1977; Benke, 1984; Benke and Huryn, 2006). Unfortunately, the P:B method may have been inadequate for evaluating
the relationship between secondary production and neonicotinoids in
our study. Habitat conditions (e.g. pH, dissolved oxygen, temperature,
contaminants) vary across systems, and the physiological response to
changing environments alter precise estimates of secondary production
(Benke and Huryn, 2006). P:B values from this study were developed
from stream invertebrate relationships, and may not be applicable for
wetland communities (Waters, 1977; Krueger and Waters, 1983). Given
its utility, future studies assessing the sub-lethal eﬀects of neonicotinoids should consider measuring secondary production of speciﬁc taxa
using a cohort technique (Krueger and Waters, 1983).
Field studies that simultaneously monitor aquatic invertebrate
communities and neonicotinoid concentrations have been limited thus
far. Cavallaro et al. (2019) also used mixed modelling in a ﬁeld study to
assess how neonicotinoids, in tandem with additional local parameters,
inﬂuenced aquatic invertebrate emergence in Canada’s Prairie Pothole
Region. Similar to this study, Cavallaro et al. (2019) reported neonicotinoids as having a signiﬁcant negative association with aquatic insect emergence. In addition to waterborne exposures, future ﬁeld studies should also consider dietary exposure (e.g. leaf litter) when
assessing impacts of neonicotinoids on detritivorous macroinvertebrates (Englert et al., 2017).

5. Conclusions
Toxicity benchmarks are commonly used to estimate risk and
identify potential for adverse eﬀects of pesticide concentrations in
surface waters (Anderson et al., 2013). Overall, neonicotinoid concentrations measured in this study were an order of magnitude lower
than chronic toxicity benchmarks proposed by the EPA. Although results from our study are encouraging, as it relates to aquatic invertebrate availability to wetland dependent waterfowl during spring
migration, it is likely we assessed wetlands during a time of year when
concentrations were minimal (Hladik et al., 2014). Future research
could focus on measuring post-planting concentrations at wetlands in
the RWB following intense precipitation events to identify if acutely
toxic concentrations occur. Subsequent sampling would also allow researchers to determine duration of acute pulses, and more accurately
deﬁne intermediate concentrations in RWB wetlands. None the less, we
observed a signiﬁcant negative association between neonicotinoid
concentrations and aquatic invertebrate biomass across all wetlands
studied.
While our results support previous studies suggesting vegetative
buﬀers improve quality of surface waters and were associated with
lower concentrations of neonicotinoids, there is still an economic need
to determine the precise width of an eﬀective and eﬃcient vegetative
buﬀer strip. Based on current management planning recommendations
(Rainwater Basin Joint Venture, 2013), we categorized based on a 50 m
buﬀer, which is equivalent to 6.40 ha of economically valuable farmland surrounding a circular wetland of 10 ha. Although we observed a
50% reduction in neonicotinoid concentrations at buﬀered wetlands,
previous studies have observed signiﬁcant reductions of other pollutants using buﬀer strips 10 m in width (Dunn et al., 2011). While increasing vegetative buﬀer area can decrease unwanted contaminants, it
might also have a negative inﬂuence on wetland water budgets by
decreasing surface runoﬀ reaching the wetlands (Castelle et al., 1994;
Cariveau et al., 2011). Although beyond the scope of this study, development of predictive models based on seasonal precipitation, precipitation intensity, topography, and ratio of farmed area to inundated
wetland area could be useful for determining appropriate buﬀer strip
width at wetlands embedded in agricultural landscapes.

4.2.2. Associations between non-neonicotinoid parameters and invertebrate
communities
The pH values reported in this study (6.97–8.41) were within an
acceptable range by most water quality standards, although our mixed
models indicated that as pH became more alkaline, nektonic diversity
and benthic biomass diminished. Previous studies indicate pH has a
strong inﬂuence on the toxicity and degradation for several water
quality parameters (Kalﬀ, 2002; Environmental Protection Agency,
2013). For example, the toxicity of total ammonia nitrogen (TAN) is
strongly inﬂuenced by pH, that is, increases in pH will increase the
toxicity of TAN to aquatic life (Environmental Protection Agency,
2013). This study did not measure TAN, however upland row crop
production, wetland cattle grazing during dry periods, and guanotrophication by spring waterfowl would all have potential for increasing TAN (Howard-Williams, 1985; Chaichana et al., 2010).
Although turbidity was not reported in the current study as being
signiﬁcant, additional clariﬁcation is warranted for explaining the undesired levels. Playa wetlands are believed to have been formed by the
relatively high wind speeds common to the RWB (Smith 2002). High
wind speeds pushing across shallow playa wetlands (mean wetland
depth was 15.45 cm in 2015) creates waves large enough to disturb
benthic substrate sediments, thus increasing turbidity (Rohweder et al.,
2008). Turbidity was also greatest on buﬀered wetlands, which signiﬁcantly less vegetative cover than non-buﬀered wetlands. Resuspension of sediments has been shown to be signiﬁcantly greater in open
water areas, unimpeded by emergent vegetation, opposed to areas
protected from wind by emergent vegetation (Dieter, 1990). Riens et al.
(2013) also reported highly variable turbidity values (10–20,180 NTU)
during a three-year period which were in line with the measurements
reported in this study. The authors acknowledge that the current study
would have beneﬁted by collecting all turbidity measurements during
times of similar wind speed.
Ephemeral wetlands promote biological productivity followng recharge from snowmelt or intense precipitation events. Recolonization
of aquatic invertebrate communities following wetland recharge is
driven by desiccation-resistant dormant life stages, and chance of discovery by immigrant invertebrates in a terrestrial life stage
(Stubbington et al., 2017). Therefore, we anticipated that wetland
complexes would have greater aquatic invertebrate diversity than
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